We studied the Prince of Wales flying squirrel (Glaucomys sabrinus griseifrons) in temperate rain forest of southeastern Alaska to provide the 1st quantitative estimates of demography from southeastern Alaska and test predictions of the hypothesis that Sitka spruce (Picea sitchensis)-western hemlock (Tsuga heterophylla) forest is primary habitat for G. sabrinus in southeastern Alaska. We expected that abundance, body condition, productivity, and summer and overwinter survival of G. sabrinus would be higher in spruce-hemlock forest (which typically are the old-growth forests of upland sites [upland-OG]) than in peatland-scrub-mixed-conifer (peatland-MC) forest. Mean values of minimum number of animals known alive and density during autumn were higher in upland-OG than in peatland-MC, and both were about 2 times higher than corresponding spring values. Age and sex composition of the population was similar among years, between seasons, and between habitats. Males comprised a larger portion of the population in upland-OG than in peatland-MC forest. Mean body mass was similar between habitats. Minimum summer survival varied among years and between habitats. Overwinter survival was less varied and similar among years and between habitats. Reproductive females were more abundant in upland-OG than in peatland-MC, but percentage of reproductive females during spring and percentage of juveniles during autumn were similar between habitats. These results support the conclusion that upland-OG forests of southeastern Alaska are primary habitat for northern flying squirrels. Still, squirrel densities in peatland-MC were higher than those reported for several managed and unmanaged forest types in the Pacific Northwest, and some demographic parameters were similar between upland-OG and peatland-MC. In southeastern Alaska, peatland-MC habitat likely contributes to breeding populations of G. sabrinus and reduces risk of viability in managed landscapes.
Southeastern Alaska has numerous naturally fragmented landscapes, a dynamic geological history (MacDonald and Cook 1996) , and coastal temperate rain forest (Alaback 1982; Harris and Farr 1974) . The rain forest is distributed among islands of the Alexander Archipelago or isolated from the narrow mainland by mountains and ice fields. Topography, geology, climate, and * Correspondent: winstonsmith@fs.fed.us other environmental features create a variety of isolated habitats; spatial and temporal heterogeneity occur in a manner rarely found elsewhere. Consequently, the potential for endemism is high, and many indigenous taxa have restricted ranges. Mammals alone are represented by 24 endemic taxa (MacDonald and Cook 1996) .
Southeastern Alaska has experienced extensive clear-cut logging since 1954 (50% of productive old-growth forest on some islands-W. P. Smith, in litt.); yet, little information is available on its natural history, biota, and ecological values and processes (Cook and MacDonald 2001; . Arboreal rodents represent a unique guild of habitat specialists (Carey 1991 (Carey , 2001 Smith et al. 2003 ) that influence the dynamics of temperate coniferous forests because of their functional roles, including dissemination of fungal spores (Maser and Maser 1988; Maser et al. 1978) and their importance as prey for owls and small carnivores (Carey et al. 1992; Forsman et al. 1984 Forsman et al. , 2001 Hamer et al. 2001; Martin 1994) . Several aspects of the life history of arboreal rodents are linked to various elements of forest structure or ecological processes (Carey 1991; Maser and Maser 1988; Maser et al. 1978) . Abundance and diversity of the arboreal rodent community often is viewed as a correlate of ecological productivity and structural complexity and as an indication of forest function (Carey 1991; Carey et al. 1999) .
The northern flying squirrel (Glaucomys sabrinus) was implicated as a keystone species of coniferous forest ecosystems of the Pacific Northwest (Maser et al. 1978) because much of its life history is linked to attributes of old forest (Carey 1989 (Carey , 1995 Carey et al. 1992; Waters and Zabel 1995; Witt 1992 ) and because of its close association with hypogeous mycorrhizal fungi Maser and Maser 1988; Maser et al. 1978 Maser et al. , 1986 Maser et al. , 1985 McKeever 1960) . The Prince of Wales flying squirrel (G. s. griseifrons) is an endemic subspecies of southeastern Alaska (MacDonald and Cook 1996) , which is listed as in danger of extinction in the report of the recent status survey of North American rodents by International Union for Conservation of Nature (Demboski et al. 1998a) . Until recently, it was known only from Prince of Wales Island (Howell 1934) . Today, the known range of G. s. griseifrons includes several additional nearby islands west of Prince of Wales Island (Bidlack and Cook 2001) .
However, much about distribution, natural history, and ecology of G. sabrinus in southeastern Alaska remains unknown (MacDonald and Cook 1996) .
Of particular interest is the expected sensitivity of this endemic subspecies to cumulative impacts of clear-cut logging. Elsewhere, G. sabrinus is sensitive to broadscale forest management (Carey 1991 (Carey , 1995 Carey et al. 1992 Carey et al. , 1999 . In the Pacific Northwest, this species is more abundant in late-seral and complex young forests than in conventionally managed stands (Carey 1995; Carey et al. 1992; Waters and Zabel 1995; Witt 1992) . Generally, flying squirrels (i.e., Pteromys, Glaucomys) are sensitive to catastrophic disturbance or repeated stand-level disturbances that cumulatively eliminate mature forest habitat across the landscape (Hanski et al. 2000; Hokkanen et al. 1982) . Disturbances that reduce habitat often increase fragmentation and alter connectivity of the landscape (Hanski et al. 2000) . Such disturbances often contribute to loss of local populations (Andren 1994; Hokkanen et al. 1982) and, if unchecked, may ultimately lead to extirpation of species from an entire region (Hokkanen et al. 1982) . Cumulative impacts of habitat disturbance are especially problematic in archipelago systems, where habitat is naturally fragmented, average population size is often smaller than in nearby mainland habitat (MacArthur and Wilson 1967; Soulé and Wilcox 1980) , and ''source'' populations are already isolated (Burkey 1995) . Extinction rates are higher in archipelago systems (Burkey 1995) , especially for endemic taxa (Frankham 1998) .
The dearth of information from southeastern Alaska adds uncertainty to planning efforts to maintain well-distributed and viable populations of G. sabrinus (Everest et al. 1997; Shaw 1999 (Carey 1995 (Carey , 1989 Carey et al. 1992; Waters and Zabel 1995; Witt 1992) , we expected that abundance, body condition, productivity, and summer and overwinter survival of G. sabrinus would be higher in spruce-hemlock forest than in peatland-scrub-mixed-conifer (peatland-MC) forest.
MATERIALS AND METHODS
Study area.-Southeastern Alaska has glaciated mountain ranges and fjords and a cool, wet (200-600 cm precipitation) maritime climate, with mean monthly temperatures ranging from 13ЊC in July to 1ЊC in January (Searby 1968) . About 4 million ha (60%) is forestland (United States Department of Agriculture Forest Service 1997), of which 2.2 million ha is productive forests (Julin and Caouette 1997) . Coniferous rain forest dominates the landscape from shoreline to about 600-m elevation, with about 90% of commercial forest in Sitka spruce-western hemlock forests, which typically are the old-growth forests of upland sites (upland-OG); remaining areas are alpine, muskeg, or riparian (Hutchinson and LaBau 1974) . Unmanaged forests have a multilayered overstory of uneven-aged trees, dominant trees that generally are Ͼ300 years old, and extensive, structurally diverse understories (Hanley and Brady 1997; Ver Hoef et al. 1988 ). These forests vary in structure from ''scrub'' or low-volume communities of short (Ͻ10 m), small (Ͻ0.5-m diameter) trees with open canopies and dense, shrubby understories on poorly drained sites (peatland) to high-volume stands with a closed canopy, tall (Ͼ60 m), large (Ͼ3-m diameter) trees, and a predominantly herbaceous understory on highly productive sites (Alaback 1982; Harris and Farr 1974) . The Tsuga-Picea forest type constitutes most of the closed-canopy forests in the region (Alaback 1982) . It is spatially heterogeneous at a fine scale-Ͻ1 ha (Schoen et al. 1984 )-and typically occurs on low-elevation, well-drained sites, frequently as a mosaic with muskegs (Neiland 1971) .
Study sites were selected in north-central Prince of Wales Island, Alaska (55Њ42Ј-55Њ48ЈN, 132Њ47Ј-132Њ52ЈW; Fig. 1 ). The island has experienced the most extensive logging in southeastern Alaska, with about 25% of old-growth forests clear-cut since 1954, mostly at low (Ͻ300 m) elevations (United States Department of Agriculture Forest Service 1997). We established study grids in largely unmanaged landscapes: 3 replicates each of oldgrowth Sitka spruce-western hemlock (upland-OG) forest (Julin and Caouette 1997) and peatland-MC forest (Neiland 1971) . These 2 habitats were selected because they represent endpoints of a continuum of forested cover types in south-eastern Alaska. Because peatland-MC forest has a limited distribution in North America, few studies of its indigenous wildlife have been conducted (Smith et al. 2001) . Therefore, its capability to support breeding populations of G. sabrinus was unknown.
Livetrapping, handling, and marking of animals.-Our livetrapping protocol closely followed that of Carey et al. (1991) . Each grid encompassed about 13 ha and consisted of a 10-by-10 array of 100 trap stations at 40-m intervals (360 by 360 m). Two Tomahawk No. 201 (13 by 13 by 41 cm) live traps (Tomahawk Live Trap, Tomahawk, Wisconsin; the use of trade or firm names in this publication is for reader information and does not imply endorsement by United States Department of Agriculture of any product or service) were placed at each station. One was attached at a height of 1.5 m to the bole of the largest tree within 5 m of the grid station and the other was placed on or near the ground (e.g., on a downed log) within 2 m of the tree supporting the other trap. Two traps were placed on or near the ground within 5 m of the trap station when suitable trees were unavailable. Each trap was covered with a box (4-liter waxed carton) for insulation and to reduce exposure to precipitation. Traps on the tree bole were aligned, with the entrance tilted slightly downward to encourage runoff and reduce accumulation of water. A nesting box, consisting of a waxed carton cut in half and polyester batting, was placed in the rear of each trap to provide refuge against cold and precipitation. Traps were baited with a mixture of peanut butter, whole oats, and molasses .
We trapped each site twice per year. We selected early spring (March-April) and early autumn (September-October) because we wanted estimates of abundance immediately after winter and during the period when most reproduction and weaning has occurred but juveniles likely have not dispersed Villa et al. 1999) . During trapping sessions, grids usually were operated for 14 days, an initial 6-day marking period, a 2-day period when traps were closed to allow animals to recover from traprelated stress, and another 6-day recapture period. Trap sites were baited at least 1 day before traps were opened. Traps were opened and baited during early morning of the 1st day. Beginning shortly after sunrise on each day thereafter, all traps were visited and replenished with bait.
The trapping schedule was adjusted when repeated recaptures (Ն3) of individuals occurred during a 6-day period. Traps were closed for a 2-to 3-day period before we resumed trapping . Handling and marking of captured squirrels followed Carey et al. (1991) . Flying squirrels were weighed to the nearest 1 g with a 300-g spring scale. Body mass, age class, and sex were recorded for initial captures, which were uniquely ear-tagged. The identity (i.e., eartag number) of recaptures, date, grid station number, and trap location were recorded. After processing, flying squirrels were released near the capture site.
Demography.-We computed 2 estimates of abundance to increase opportunities for comparing our results with other studies (e.g., Carey 1995) . We recorded minimum number known alive (MNA-Krebs 1966) , an index commonly used as a measure of relative abundance for comparative purposes (Slade and Blair 2000) . The 2nd estimate, the Lincoln-Petersen index, is an unbiased estimator of population size that was selected because it affords relatively precise estimates, with low biases but without many assumptions or other constraints of program models (Menkens and Anderson 1988) . Also, the Lincoln-Petersen index performs well over many different conditions and may be the best estimate of small-mammal population size (Menkens and Anderson 1988) . Furthermore, we limited sampling periods to Յ14 days so that a closed population model could be used to estimate the abundance of flying squirrels (Carey et al. 1991) . As recommended by previous investigators (Otis et al. 1978; White et al. 1982) , we evaluated individual behaviors and capture probabilities (Menkens and Anderson 1988) . We estimated trapability (i.e., recapture probability) using the procedure of Hilborn et al. (1976) because it is the most conservative estimate among common, acceptable measures in the literature (Krebs and Boonstra 1984) . Because capture probabilities were not extremely low (Ͻ0.1) and were relatively uniform, we used Chapman's unbiased version (Seber 1982) of the Lincoln-Petersen estimator, which generally performs better than software programs (e.g., CAPTURE-Otis et al. 1978) when sample sizes are small (n Յ 100- Menkens and Anderson 1988) .
To obtain density, we used the procedures of Wilson and Anderson (1985a) to estimate ''edge effect'' and effective area sampled. Mean max-imum distance moved was estimated seasonally for each grid by averaging maximum straightline distance between recaptures of all individuals with Ն2 captures. A strip equal to one-half mean maximum distance moved was added as a border width to the grid to compute total area trapped (Wilson and Anderson 1985a) . The strip represents the expected maximum distance beyond the grid that animals are drawn to live traps. Mean maximum distance moved may be biased because it may vary with number of captures (Wilson and Anderson 1985a) , spacing of traps, or subsequent behavior of previously trapped animals (Carey 2000a; Carey et al. 1991) . Carey et al. (1991) reported that home ranges of flying squirrels determined from telemetry locations were similar to estimates obtained with mean maximum distance moved, but mean maximum distance moved likely underestimates the movements of flying squirrels (Carey 2000a) and ultimately the effective area trapped. Consequently, density estimates may have a positive bias, but the bias is relatively small, especially with larger grids (Carey 2000a; Carey et al. 1991) . Moreover, this approach seems to be the preferred method Rosenberg and Anthony 1992; Waters and Zabel 1995; Witt 1992 ) because of practical considerations Wilson and Anderson 1985b) and the difficulty in meeting assumptions of or obtaining sufficient number of captures required by other methods White et al. 1982) .
Minimum summer (March-mid-September) survival was estimated from the number of recaptured animals during autumn, expressed as a proportion of animals known to be alive in the preceding spring trapping period. Minimum overwinter (November-March) survival was the number of recaptures in spring, expressed as a proportion of animals known to be alive in the previous autumn trapping period (Villa et al. 1999 ). We tested hypotheses regarding age and sex composition with the log-likelihood ratio, i.e., G-statistic (Zar 1999) . Mean body weight was used as an index of body condition. We evaluated productivity by enumerating adult females during spring with evidence of recent reproductive activity, by computing the relative abundance of reproductive females expressed as a percentage of total adult females (Villa et al. 1999) , and by comparing recruitment rates of juveniles into the autumn population.
We chose repeated-measures analysis with habitat as the ''among-subject'' factor or treatment, with seasonal and annual estimates as multiple measurements of each site (i.e., grid) nested within habitat treatment (Zar 1999) . We used a mixed linear model in general linear model (GLM-SAS 2000) to reveal an effect of season or year (random effects) or of site or habitat (fixed effects) on demographic parameters of flying squirrels. Thus, during exploratory analysis, grids were treated as subunits of habitat similar to a split-plot analysis of variance (AN-OVA), whereas trapping sessions were viewed as repeated measures of individual grids (Littell et al. 1996; Ramsey and Schafer 1997) . Comparison-wise experiment rates were Յ0.05; maximum experiment-wise error rate was set at 0.10 to reduce the risk of a type II error (Zar 1999) . When significance was indicated, we used the Waller-Duncan K-ratio t-test to determine which means differed based on a minimum significant difference with pairwise t-tests (SAS 2000) . We took several measures to control experimentwise error rates, including use of the WallerDuncan K-ratio, limiting multiple comparisons with significant GLM and testing only hypotheses identified a priori during the development of our study. The Waller-Duncan K-ratio t-test controls for type I error without ignoring consequences for type II error (SAS 2000; Waller and Duncan 1969) . Nevertheless, we conducted several ANOVAs and performed numerous paired comparisons. Therefore, to reduce the likelihood of spurious conclusions, we limited inferences to patterns or relationships that were supported by multiple lines of evidence.
RESULTS
Abundance and age and sex composition.-During early spring and autumn of 1998-2000, we captured 163 and 237 flying squirrels in peatland-MC and upland-OG forests, respectively. Corresponding total captures were 778 and 1,176, with 41,198 and 39,199 trap nights of effort, respectively. Average probability of capture (i.e., number captured/estimated number present) was relatively high across habitats, seasons, and years (range, 0.51-0.78). Capture probability was higher (G ϭ 17.7, d.f. ϭ 1, P ϭ 0.00002) in spring (X ϭ 0.72, SE ϭ 0.04) than during autumn (X ϭ 0.58, SE ϭ 0.03). In addition, seasonal variation in capture probability was not independent of habitat (G ϭ 8.07, d.f. ϭ 3, P ϭ 0.045); upland-OG (0.66-0.53) had smaller seasonal differences than peatland-MC (0.77-0.61). Recapture probability averaged 0.33 (SE ϭ 0.04) and ranged 0.30-0.39.
Minimum number known alive ranged among grids from 1, recorded during spring 1998 on 1 upland-OG and 2 peatland-MC grids, to 35 during autumn 1999 on an upland-OG grid (Table 1) . Overall, mean MNA was 50% higher (F ϭ 5.26, d.f. ϭ 1, 4, P ϭ 0.08) in upland-OG (21, SE ϭ 3) than in peatland-MC (14, SE ϭ 3), but it varied among years (F ϭ 18.62, d.f. ϭ 1, 8, P ϭ 0.0010). Average MNA was lower in 1998 (11, SE ϭ 2) than in 1999 (20, SE ϭ 3; t ϭ 4.68, d.f. ϭ 35, P ϭ 0.0005) or 2000 (21, SE ϭ 4; t ϭ 5.15, d.f. ϭ 35, P ϭ 0.0002), which did not differ (t ϭ 0.47, d.f. ϭ 35, P ϭ 0.6453). In addition, on average, MNA during autumn (23) was 2 times greater than during spring (12; F ϭ 4.47, d.f. ϭ 2, 12, P ϭ 0.0355), except in 1998 when value in autumn (20) was an order of magnitude greater than that in spring (3).
Mean maximum distance moved ranged from 75 to 142 m (Table 1) (Table 1) . Overall, mean densities in upland-OG and peatland-MC forest did not differ significantly (F ϭ 3.91, d.f. ϭ 1, 4, P ϭ 0.1191). However, we found a significant habitat-by-season interaction (F ϭ 5.03, d.f. ϭ 1, 8, P ϭ 0.0552), with mean squirrel density during autumn higher in upland-OG forest (3.7/ha) than in peatland-MC (1.7/ha; t ϭ 4.58, d.f. ϭ 23, P ϭ 0.0018). Also, mean autumn density varied annually (F ϭ 3.55, d.f ϭ 2, 8, P ϭ 0.0789), with squirrel density in 1998 (2.1/ha) lower than in 1999 (2.8/ha; t ϭ 2.48, d.f. ϭ 17, P ϭ 0.0381); density in 2000 (2.6/ha) did not differ significantly from 1998 (t ϭ 2.08, d.f. ϭ 17, P ϭ 0.0709) or 1999 (t ϭ 0.40, d.f. ϭ 17, P ϭ 0.7012). a Total number of animals for which age and sex were recorded, which was Յ minimum number known alive. b Young of the year (i.e., age class I) according to Villa et al. (1999) . c Individuals that showed pelage or rostrum features of adults (Villa et al. 1999) , regardless of evidence of reproductive maturity. d Percentage of females exhibiting evidence of reproductive activity (i.e., in estrus, pregnant, lactating). Because data were not obtained for all adult females, sample size is Յ number of adult females recorded.
We observed no significant annual variation in age and sex composition (G ϭ 0.165, d.f. ϭ 2, P ϭ 0.92); therefore, we pooled observations across years to compare seasonal age and sex ratios between habitats. Relatively more adult and juvenile males were observed in peatland-MC than in upland-OG (Table 2) , but age and sex composition was independent of habitat during spring (G ϭ 1.46, d.f. ϭ 1, P ϭ 0.24) and autumn (G ϭ 2.75, d.f. ϭ 3, P ϭ 0.44). When data were pooled across seasons, however, proportionally more (G ϭ 4.10, d.f. ϭ 1, P ϭ 0.045) male squirrels were captured in peatland-MC (1.6 male:1 female) than in upland-OG (1.1 male:1 female).
Body condition, survival, and reproductive success.-Overall, mean body weight of squirrels was similar (F ϭ 0.41, d.f. ϭ 1, 4, P ϭ 0.56) between habitats and averaged 122 g (Table 3 ). Juvenile body weight varied among years (F ϭ 6.94, d.f. ϭ 2, 9, P ϭ 0.0150); in both habitats, juveniles were smaller during 1998 (X ϭ 93 g) than during 1999 (X ϭ 117 g; t ϭ 16.02, d.f. ϭ 32, P ϭ 0.00001) and 2000 (X ϭ 112 g; t ϭ 15.45, d.f. ϭ 32, P ϭ 0.00001), which also differed (t ϭ 4.48, d.f. ϭ 32, P ϭ 0.0001).
Minimum summer (mid-April to midSeptember) survival ranged from 16.7% (1/ 6) during 1998 in peatland-MC to 65.7% (46/70) during 2000 in upland-OG forest. Minimum summer survival in peatland-MC during 1999 and 2000 was 57.8% (26/45) and 38.0% (19/50), respectively. In upland-OG forests, minimum summer survivorship was 20.0% (2/10) and 47.6% (30/63) in 1998 and 1999, respectively. Minimum winter (November-February) survival varied from 43.9% (25/57) in peatland-MC during 1999-2000 to 60.4% (32/53) in peatland-MC in the previous winter. Corresponding values for upland-OG forests were 49.0% (50/102) and 49.2% (32/65). We compared minimum survival rates between habitats and among years with a loglikelihood ratio and found that minimum summer survival, year, and habitat were not mutually independent (G ϭ 17.99, d.f. ϭ 7, P ϭ 0.013). Moreover, neither year (G ϭ 
DISCUSSION
This study provides the 1st quantitative estimate of flying squirrel abundance and demography in temperate rain forest of southeastern Alaska. Despite significant seasonal and annual variation, patterns existed that provide valuable insights regarding habitat distribution and abundance of squirrels. As predicted, flying squirrels were consistently more abundant in upland-OG than peatland-MC forests. Old-growth Sitka spruce-western hemlock forests are dense-canopied, structurally complex forests that occur on the most productive sites in southeastern Alaska (Alaback 1982; Julin and Caouette 1997) . In addition, these forests apparently contain many vegetative and structural habitat features (DeMeo et al. 1992) important to the life history of G. sabrinus among coastal coniferous forests of the Pacific Northwest (Carey 1995 (Carey , 2000b Carey et al. 1999) . Nevertheless, flying squirrels were relatively abundant in peatland-MC, and documenting breeding populations in these largely noncommercial forests was a unique finding that was somewhat unexpected (L. A. Suring, in litt.). The habitat capability model developed for G. sabrinus in southeastern Alaska assumed that peatland-MC was unsuitable for sustaining breeding populations. Peatland-MC sites in our study were spatially heterogeneous, with a diversity of conditions ranging from poorly drained mixed-conifer forests to a mosaic of less-productive opencanopied scrub forest (shore pine) and boggy, open muskegs (DeMeo et al. 1992 ). On better-drained sites were patches of closedcanopied forests, which were of marginal value commercially but with structural complexity and understory composition that approach upland-OG (DeMeo et al. 1992; Julin and Caouette 1997) . In interior Alaska, populations of G. sabrinus apparently thrive in open-canopied white spruce (Picea glauca) forests (Mowrey and Zasada 1984) that seem similar in stand structure (albeit less diverse compositionally) to sites in peatland-MC forests of southeastern Alaska.
In the Pacific Northwest, squirrel densities varied considerably (0.1-3.5 squirrels/ ha), depending on forest type, seral stage, and management history (Carey 1995; Carey et al. 1992 Carey et al. , 1999 Rosenberg and Anthony 1992; Waters and Zabel 1995; Witt 1992) . Highest mean density (3.3 squirrels/ ha) was reported from old-growth fir (Abies) forest of northeastern California during summer (Waters and Zabel 1995) , which was comparable with our autumn estimate in upland-OG (3.7 squirrels/ha). Lowest density (0.1 squirrels/ha) occurred in 2nd-growth Douglas-fir (Pseudotsuga menziesii) forest of southwestern Oregon (Witt 1992) . Low densities (0.2-0.5 squirrels/ha) also were reported in the Puget Trough, Olympic Peninsula, and Northern Cascades of Washington (Carey et al. 1992) . In eastern North America, demographic studies of G. sabrinus are relatively few and lack comparable estimates of population density (Reynolds et al. 1999; Weigl et al. 1992) .
The range of variation among forest types and locations raises questions about factors that influence squirrel density. Carey (1995) reported latitudinal variation in abundance, with densities in the southern Coast Ranges and Central Western Cascades of Oregon notably higher than on the Olympic Peninsula or in the North Cascades of Washington. In old-growth forests of the Olympic National Forest of Washington, he found that abundance was associated with the presence of ericaceous shrubs and large snags. Flying squirrels of the Douglas fir-western hemlock zone in Oregon selected habitats with higher decadence and more complex forest canopies .
Many of the vegetative and structural features correlated with higher squirrel densities in the Pacific Northwest (Carey 1995; ) are common to forests of southeastern Alaska (Alaback 1982; DeMeo et al. 1992) , and therefore it is unlikely that habitat alone explains the variation in squirrel density between the 2 regions.
Despite many ecological similarities among regional populations, several aspects of the natural history of G. sabrinus may vary geographically (Carey 1995; . Phylogeography of G. sabrinus in northwestern North America is highly variable, and flying squirrel populations in southeastern Alaska apparently were not established by immigrants from the Pacific Northwest (Arbogast 1999; Demboski et al. 1998b) . Flying squirrels in the Pacific Northwest are substantially different genetically from flying squirrels in southeastern Alaska, which are more closely related to populations in eastern North America. Flying squirrels in southeastern Alaska are as genetically distinct from populations in the Pacific Northwest as each is from the southern flying squirrel (G. volans-Arbogast 1999; Demboski et al. 1998b) .
The diet of G. sabrinus in southeastern Alaska also differs substantially from the diet of squirrels in the Pacific Northwest . Studies of food habits in the Pacific Northwest consistently documented a predominance of truffles in the diet (Carey 1995; Hall 1991; Maser and Maser 1988; Maser et al. 1986; McKeever 1960; Pyare and Longland 2001; Rosentreter et al. 1997; Waters and Zabel 1995) . Flying squirrels from southeastern Alaska ate fewer taxa of truffles, consumed truffles less frequently, and consumed vascular vegetation, lichens, and epigeous fungi (i.e., mushrooms) more frequently. Diet and food habits have been implicated as a factor influencing squirrel abundance in the Pacific Northwest Pyare and Longland 2002) . However, evidence linking diet to quality and capability of habitats to support flying squirrel populations is limited (Claridge et al. 1999) .
Alternatively, variation in the composition of ecological communities, especially interspecific interactions, may contribute to geographic variation in habitat distribution and abundance of flying squirrel populations (Carey 1991 (Carey , 1995 Carey et al. 1999) . Predation may be an important ecological factor distinguishing southeastern Alaska from the Pacific Northwest. Southeastern Alaska has few (if any) predators that specialize on G. sabrinus, and predation rates on flying squirrels may be relatively low. In the Pacific Northwest, G. sabrinus is the primary prey of the northern spotted owl, Strix occidentalis occidentalis (Forsman et al. 1984 Hamer et al. 2001) , and pre-dation rates are presumably much higher than in southeastern Alaska. In addition, competitive release from interspecific competition may further distinguish populations of flying squirrels in southeastern Alaska from those in the Pacific Northwest. Coastal coniferous forests of Washington and Oregon support several arboreal and forestfloor squirrels (i.e., Sciuridae) and other small mammals (Carey 1995; Verts and Carraway 1998) , many of which are mycophagous (Maser et al. 1978) or use other food or habitat resources (e.g., dens) important to flying squirrels (Carey 1995; Carey et al. 1991 Carey et al. , 1999 . Conversely, smallmammal communities of southeastern Alaskan rain forest are relatively depauperate (MacDonald and Cook 1996) , much less diverse than forest communities of the Pacific Northwest (Carey 1991 (Carey , 1995 Verts and Carraway 1998) . Although red squirrels (Tamiasciurus hudsonicus) and flying squirrels are sympatric over a large portion of the range of G. sabrinus, red squirrels are absent from Prince of Wales Island (MacDonald and Cook 1996) . The Prince of Wales flying squirrel has almost exclusive access to many resources important to its life cycle.
Previous investigators of flying squirrels in the Pacific Northwest (Carey 1995; Rosenberg and Anthony 1992; Villa et al. 1999 ) generally observed 1:1 sex ratios or ratios slightly favoring females (e.g., Carey 1995) during autumn with one notable exception: Rosenberg and Anthony (1992) reported male-biased juvenile sex ratios in 1 year of a 3-year study. Also, Villa et al. (1999) reported seasonal variation, with males comprising a larger proportion of spring sample. We recorded similar spring and autumn sex ratios (within habitats), which consistently favored males. Villa et al. (1999) suggested that the sex ratio favoring males in spring was likely a result of a difference in capture probability rather than demography. In our study, capture probability was higher in spring than during autumn, but this variation could be related to seasonal differences in density. Also, upland-OG had smaller seasonal differences in capture probability than peatland-MC, which also had a higher male : female ratio. Therefore, some variation in sex ratios between habitats may have been related to differences in the number or behavior of males seeking estrous females (Villa et al. 1999; Witt 1991) .
The proportion of juveniles captured in our study was much lower than that reported by Villa et al. (1999) in the Pacific Northwest. In the Oregon Coast Range and Puget Trough of Washington, they reported percentages of juveniles in autumn of about 40% and 30%, respectively. In our study, juvenile percentages averaged 19% for both males and females. Villa et al. (1999) proposed density-dependent reproduction as a mechanism to explain variation in juvenile recruitment between Puget Trough and Oregon Coast Range. They suggested that breeding is delayed in younger females and that fewer flying squirrels breed at higher densities, a consequence of which is lower juvenile recruitment rates with a smaller percentage of juveniles in the autumn population. We found higher squirrel densities than those reported for Washington and Oregon (Carey 1995; Carey et al. 1992) .
Contrary to our prediction, we found no difference in body mass between upland-OG and peatland-MC habitats. Similarly, Rosenberg and Anthony (1992) did not detect differences in body mass between oldgrowth and 2nd-growth Douglas-fir stands in the Oregon Cascade Range. However, Villa et al. (1999) reported that mean body mass of flying squirrels varied considerably among locations in Washington and Oregon. Average body mass of adults in our study (122 g) was lower than values reported for flying squirrels in the Pacific Northwest (Carey 1995; Rosenberg and Anthony 1992; Villa et al. 1999) . Conversely, juveniles in our study weighed more on average (108 g) than juveniles from the Pacific Northwest. In habitat most similar to southeastern Alaska (Olympic Trough, Washington), Carey (1995) reported mean body weights of adults and juveniles similar to values at several locations in Oregon and Washington (Rosenberg and Anthony 1992; Villa et al. 1999) . The relationship between body condition and survival is not well documented for G. sabrinus, but the likelihood of surviving winter (or other periods of stress) probably improves with increasing body mass, which is linked to habitat quality (Villa et al. 1999) . We had predicted that survival would be higher in upland-OG than in peatland-MC, but neither body mass nor overwinter survival differed between habitats. Minimum summer survival was higher in upland-OG than in peatland-MC, which was unexpected because in the Pacific Northwest, survival of older squirrels was similar among forest types in different regions (Villa et al. 1999) .
As expected, the number of reproductive females during spring was higher in upland-OG than in peatland-MC. However, relative abundance (i.e., percentage) of reproductive females in the population and juvenile recruitment into the autumn population did not differ between habitats. No detailed studies have been conducted on the reproductive ecology of flying squirrels in the Pacific Northwest or southeastern Alaska (Smith et al. 2003) . Substantial variation in percentage of reproductive females exists between forest types and geographic regions, ranging from 90% in the Puget Trough to 39% in the Oregon Coast Range (Villa et al. 1999) . On the Olympic Peninsula, 31% and 29% of the females in oldgrowth and young forests, respectively, were reproductive (Carey 1995) . Variation in juvenile recruitment among geographic regions of the Pacific Northwest may be attributable to a density-dependent response of squirrel populations (Villa et al. 1999) .
We found that percentage of reproductive females was similar (76%) in peatland-MC and upland-OG, which differed substantially in density of flying squirrels. Densities in southeastern Alaska are comparable with (if not higher than) those in the Oregon Coast Range; yet, the percentage of reproductive females in our study was nearly twice that reported by Villa et al. (1999) . Several factors likely contribute to variation in reproductive performance of flying squirrel populations, not the least of which is the ability of investigators to assess reproductive parameters accurately Villa et al. 1999 ). In our study, variation in reproductive performance appeared to be linked to differences in habitat capability (i.e., density of reproductive females) rather than the consequence of a density-dependent response (i.e., percentage of reproductive females or juvenile recruitment) to winter population levels.
Our results are consistent with those from studies of several coniferous forest types in the Pacific Northwest in support of old-growth Sitka spruce-western hemlock forests of southeastern Alaska as primary habitat of northern flying squirrels. More importantly, we documented squirrel densities in peatland-MC forests that were comparable with, or greater than, densities reported for several unmanaged and managed forest types in the Pacific Northwest. Furthermore, other demographic parameters were similar between habitats. If the results of our study can be generalized across southeastern Alaska, peatland-MC forests likely contribute to breeding populations in managed landscapes and thus reduce the risk of viability for local populations of flying squirrels. However, no information exists on how habitat distribution and demography of G. sabrinus change as population levels vary. Additional study is needed to determine what landscape features and configurations might restrict squirrel dispersal and potentially isolate populations, further reducing opportunities for rescue and increasing the likelihood of local extinctions.
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